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Abstract

Context The Rainwater Basin in south-central

Nebraska once supported a complex network of *
12,000 spatially-isolated playa wetlands, but * 90%

have been lost since European settlement. Future

losses are likely and expected reductions in connec-

tivity could further isolate populations, increasing

local extinction rates of many wetland species.

However, to what extent future losses will affect

wildlife likely depends on the role of lost wetlands in

maintaining connectivity.

Objectives We compared the current Rainwater

Basin network to future wetland loss scenarios to

assess minimum, mean, and maximum effects of

losses on network connectivity for a range of wildlife

taxa.

Methods We used network models to rank wetlands

by their functionality and relative importance in

maintaining connectivity. We then removed 10–50%

of high-ranked, low-ranked, or random subsets of

wetlands and assessed connectivity of the remaining

network.

Results A 10% loss of highly-ranked wetlands

substantially decreased connectivity for species with

dispersal capabilities\ 5.5 km, while a 40–50% loss

reduced connectivity for all tested dispersal distances

(0.5–12.0 km). When large proportions of highly-

ranked wetlands were lost, the eastern and western

halves of the Rainwater Basin network were no longer

connected for any dispersal distance. Loss of low-

ranked wetlands had minimal effects on network

connectivity, until at least the lowest-ranked 50% were

removed.

Conclusions Many highly-ranked playa wetlands in

the Rainwater Basin are currently unprotected and

might disappear from the landscape. Protecting wet-

lands that are key in maintaining connectivity espe-

cially benefits species with limited dispersal

capabilities (\ 5.5 km) for which consequences of

future habitat losses might be worst.

Keywords Connectivity � Dispersal distance �
Habitat fragmentation � Habitat loss � Network
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Introduction

Although freshwater only makes up * 0.8% of the

Earth’s surface, it supports almost 6% of all described

species (Dudgeon et al. 2006). Wetlands and other

freshwater bodies provide critical habitat for many

species of conservation concern (Keddy 2000; Bed-

ford et al. 2001; Brinson and Malvárez 2002). The

high species diversity supported by freshwater bodies,

such as wetlands, has many benefits, including

economic productivity (e.g., fisheries and livestock

forage production), storehouse of genetic information,

and performing important ecosystem services (e.g.,

cleaning water, flood control, wildlife habitat; Pearce

1998; Heal 2000; Covich et al. 2004; Dudgeon et al.

2006). Despite these benefits, freshwater systems are

among the most endangered ecosystems in the world,

with declines in biodiversity greater in freshwater than

in most terrestrial ecosystems (Sala et al. 2000;

Brinson and Malvárez 2002; Dudgeon et al. 2006).

Since European settlement, * 50% of wetlands in the

conterminous United States have been converted to

other uses, especially agriculture, or exist in a

degraded state due to eutrophication, contamination,

poorly managed grazing, harvests of plants and

animals, invasions of exotics, global warming, and

other factors (National Research Council 1995; Brin-

son and Malvárez 2002; Dahl 2011). However,

wetland losses have been particularly prevalent in

areas where wet prairies were easily converted to

arable fields, including the Great Plains ecoregion in

the United States (National Research Council 1995;

Brinson and Malvárez 2002; Dahl 2011; Johnson et al.

2012).

The western Great Plains region stretches from

central and western Nebraska to northwestern Texas

and eastern New Mexico, USA, and harbors[ 50,000

spatially-isolated playa wetlands (Smith 2003). As the

principal surface hydrological feature of the southern

and central Great Plains region, playa wetlands are

crucial for maintaining local biodiversity and provide

critical breeding, stop-over, and wintering habitats for

many species of invertebrates, amphibians, mammals,

and birds (Haukos and Smith 1994; Smith 2003; Smith

et al. 2012). Many resident wildlife populations in the

Great Plains region depend on playa wetlands that are

intermittently saturated and include standing water to

complete their life-cycle, while dispersal events of

individuals among playas connect local populations

into geographically distinct metapopulations

(MacArthur and Wilson 1967; Levins 1970; Smith

et al. 2012). Connectivity throughout the playa

wetland system is therefore crucial for wildlife, as

the frequency of dispersal movements depends on the

proximity of wetlands to other wetlands containing

water, an importance that is reflected in the attention

that connectivity of playa wetlands and similar

systems has received in recent years (McIntyre and

Strauss 2013; Ruiz et al. 2014; Uden et al. 2014;

Bishop-Taylor et al. 2015, 2017; Albanese and Haukos

2017; McIntyre et al. 2018; Verheijen et al. 2018).

The dispersal of wildlife throughout the Great

Plains region is complicated by the unique hydrology

of playa wetlands. Playas are hydrologically dynamic

wetlands that collect and hold precipitation runoff, but

because few are directly connected to groundwater

and inundation events are unpredictable, the number

and spatial distribution of inundated playas vary

greatly through time (Osterkamp and Wood 1987;

Smith 2003; Smith et al. 2012; Uden et al. 2015). The

predominant hydrological state of playas is dry,

interrupted by inundation as a natural disturbance,

which happens typically only after one or more intense

precipitation events of[ 5 cm (Cariveau et al. 2011).

Duration of the subsequent hydroperiod is variable and

directly depends on intensity of rainfall, surrounding

land cover, and the amount of sediment that has

accumulated in a playa (Haukos and Smith 1993;

Smith 2003; Johnson et al. 2011). Therefore, the

likelihood of any playa wetland in the network

containing water at any given time, and thereby its

availability to wildlife, is highly variable over space

and time. Temporary unavailability of saturated playa

wetlands to wildlife could therefore limit the fre-

quency and pathways of successful dispersal events of

individuals throughout the Great Plains playa wetland

system.

Although losses of playa wetlands have been

widespread throughout the entire Great Plains, loss

and degradation have been particularly pronounced in

the Rainwater Basin region in south-central Nebraska

(Johnson et al. 2012; Albanese and Haukos 2017;
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Verheijen et al. 2018). The Rainwater Basin region

once harbored * 12,000 playa wetlands

(\ 1–400 ha) underlain by clay soils scattered

throughout the region embedded in tallgrass or

mixed-grass prairie (Stutheit et al. 2004; LaGrange

et al. 2011). Since European settlement, * 90% of

playa wetlands in the Rainwater Basin have been lost

or highly altered due to agricultural development, with

conversion largely continuing up to the 1970s (Schild-

man and Hurt 1984; Tang et al. 2016). The majority of

remaining playas are currently surrounded by row-

crop agriculture with some livestock grazing on small

pastures (LaGrange et al. 2011). Large-scale wetland

losses in the Rainwater Basin have not only reduced

the total available number and area of extant wetlands

but have also reduced both structural and functional

connectivity by increasing the distance among remain-

ing wetlands (Kindlmann and Burel 2008; Johnson

et al. 2012; Burris and Skagen 2013; Uden et al. 2014;

Verheijen et al. 2018). Loss of connectivity likely has

caused populations of many wetland species to have

become more isolated and face increased local

extinction rates (Clergeau and Burel 1997; Smith

et al. 2012). Furthermore, a loss of connectivity

restricts the ability of individuals to disperse in

response to changing environmental conditions;

thereby reducing the persistence of metapopulations

and ability of species to adjust their ranges (Hanski

and Gilpin 1991; Opdam and Wascher 2004; Becker

et al. 2007; Jetz et al. 2007). Future playa losses

throughout the Great Plains, including the Rainwater

Basin, are likely, as persistence of remaining wetlands

is threatened by continued agricultural land-use and

resulting sediment runoff continuing to accumulate in

playa wetlands, a process that will likely be exacer-

bated by regionally-predicted climate change (Luo

et al. 1997; Burris and Skagen 2013; Uden et al. 2015).

Because past losses have already compromised the

connectivity of playa systems, even modest future

losses could have large effects on remaining wildlife

populations (Albanese and Haukos 2017).

Ecological effects of potential future playa losses,

including effects on wildlife, in the Rainwater Basin

likely depend on not only the number of wetlands lost,

but also on functionality of the wetlands that might be

lost, their geographical location, and the dispersal

capabilities of wildlife species or other taxa. Func-

tionality of a playa, and its value for wildlife, is largely

(but not exclusively) dependent on its inundation

probability, hydroperiod, size, and how much sedi-

ment has accumulated from runoff (Haukos and Smith

1993; Smith 2003; Johnson et al. 2011; Burris and

Skagen 2013). Highly functional playas are defined as

those that pond relatively frequently (but not annu-

ally), with relatively long hydroperiods, and are

therefore more valuable for wetland species that

depend on inundated wetlands to complete their life

cycle. Second, because of their geographical location

relative to other playa wetlands, some wetlands

function as central hubs by facilitating many dispersal

events among neighboring wetlands, while others

function as stepping stones by facilitating long-

distance dispersal events, or contrastingly, perform

only minor roles in maintaining connectivity in the

Rainwater Basin (Albanese and Haukos 2017; Ver-

heijen et al. 2018). Last, effects of playa losses on

wildlife directly depend on their dispersal capabilities

(Urban et al. 2009; Rayfield et al. 2011; Albanese and

Haukos 2017; Verheijen et al. 2018). Future losses of

certain centrally-located playas could lead to larger

distances among playas, thereby potentially limiting

dispersal events of species with low dispersal capa-

bilities, such as many amphibians, while dispersal of

species with greater dispersal capabilities might not be

restricted. Understanding how these factors interact

and determine the importance of individual wetlands

in maintaining connectivity in the Rainwater Basin

playa wetland system would therefore provide useful

insights for future conservation planning and man-

agement strategies.

Here, we build directly on previous work by

Verheijen et al. (2018), who assessed patterns of past

losses on the playa wetland network, by incorporating

wetland functionality of extant playas and using

network models to test the effects of a series of future

wetland loss scenarios on structural connectivity of the

Rainwater Basin network for a range of maximum

dispersal distances as a surrogate for wildlife taxa with

varying dispersal capabilities. Network models are

widely used to assess flow and structural connectivity

of wildlife populations across spatially-structured

habitat networks (Bunn et al. 2000; Urban and Keitt

2001; Rayfield et al. 2011). To estimate the average

possible effect of losing a particular percentage of

playa wetlands from the Rainwater Basin, we tested a

series of scenarios where we removed random subsets

of 10, 20, 30, 40, or 50% of wetlands from the network

and assessed connectivity and topological structure of
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the remaining playa network. To estimate a minimum

and maximum possible effect of losing a particular

percentage of playas, we ranked extant playas based

on two node-level network metrics, degree and

betweenness centrality, that could indicate whether

nodes function as hubs or stepping stones respectively,

and weighted each metric by the functionality of each

playa. We then used a targeted removal analysis to

remove the highest or lowest-ranked 10, 20, 30, 40, or

50% of playa wetlands from the network, and again

assessed connectivity and structure of the remaining

playa network. Our analysis will aid managers in

prioritizing conservation efforts not only on function-

ality of playas, but also on the importance of each

playa wetland in maintaining connectivity for wildlife

in the Rainwater Basin playa wetland system.

Methods

Study area

The Rainwater Basin in south-central Nebraska, USA,

encompasses 15,800 km2 (LaGrange 2005; Fig. 1; 40�
590 N, 98� 390 W). Long-term average precipitation in

the Rainwater Basin ranges from 76 cm in the east to

56 cm in the west, with the majority of precipitation

generally falling from April to September (Nugent

et al. 2015; U.S. Climate Data 2019: Hastings, NE).

Average monthly high temperatures for the Rainwater

Basin range from 2 �C in January to 31 �C in July and

low temperatures range from - 10 �C in January to

18 �C in July (U.S. Climate Data 2019: Hastings, NE).

The landscape of the Rainwater Basin is largely flat to

gently rolling plains formed by deep deposits of loess,

with the majority of remaining playa wetlands

embedded in row-crop agriculture intermixed with

livestock grazing on small pastures (LaGrange et al.

2011).

Data acquisition and manipulation

To assess effects of future wetland losses on the

connectivity and structure of the Rainwater Basin

playa wetland network, we first constructed a network

of the current extent of the Rainwater Basin using

2008 National Wetlands Inventory (NWI) data from

the U.S. Fish and Wildlife Service (U.S. Fish and

Wildlife Service 2008; Verheijen et al. 2018). We

focused on palustrine emergent wetlands (NWI code:

PEM1), and manually removed human-made pits,

ditches, and reservoirs that were labeled as palustrine

emergent from our data set after visual inspection of

wetland shape. Although irrigation pits and ditches

might be used by some species, such as some species

of frogs, these ecologically different wetland struc-

tures generally have limited utility as wetland habitat

for most native wildlife (Smith 2003; Uden et al.

2014). The NWI dataset contained some wetlands

where portions were classified differently than palus-

trine emergent, and wetlands that were dissected by

roads. As a result, some wetlands were comprised of

Fig. 1 Location of the current extent of the Rainwater Basin playa wetlands system in south-central Nebraska, USA. The Rainwater

Basin region is delineated in red, and individual playa wetlands that were included in our analyses (N = 1058) are shown as gray circles
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multiple adjacent or nearby (\ 25 m) polygons that

were labeled as palustrine emergent. Following visual

inspection of these conditions (N = 11), we merged

adjacent or nearby polygons to represent a single

wetland. Our actions resulted in the inclusion of 1164

wetlands in the current Rainwater Basin network

(Verheijen et al. 2018).

Wetland functionality

We estimated the functionality of each playa by

calculating and combining four different metrics:

inundation probability, an index for hydroperiod,

relative surface area of each wetland, and proportion

of cropland surrounding each playa as an index of

sediment accumulation rates. First, to estimate the

inundation probability and an index for hydroperiod of

each wetland, we used Annual Habitat Survey data

from the Rainwater Basin Joint Venture (RBJV) from

2004 and 2006–2015 (Rainwater Basin Joint Venture

2014). The Annual Habitat Survey used aerial photos

taken in early March to determine area of open water

(if any) of the hydric soil basin of each playa footprint.

We then estimated the inundation probability of each

wetland as the proportion of years within the 11-year

survey period when at least one 5 9 5 m2 pixel within

the playa footprint contained open water. Because

aerial photos were only taken once every year, we

could not estimate the hydroperiod of each wetland

directly. Instead, we approximated the hydroperiod by

taking the proportion of each playa wetland that

contained water for each year where at least part of the

wetland was ponded, and averaged these proportions

to get a relative hydroperiod index for each wetland.

We calculated the relative size of each wetland, by

scaling the absolute area of each wetland by the area of

the largest wetland in our dataset (381.2 ha). We used

relative instead of absolute surface area, because the

relative surface area is dimensionless and directly

comparable to our other three metrics. Last, to

estimate the proportion of cropland as an index of

the rate of sediment accumulation of each wetland, we

used land cover data from the 2011 National Land

Cover Database (NLCD) from the U.S. Geological

Survey (Homer et al. 2015). We used proportion of

cropland surrounding each playa wetland as an index,

because rates of sediment accumulation of playa

wetlands are generally greater for wetlands directly

surrounded by cropland than those surrounded by

grasslands, although effects might vary with crop and

grassland types (Tsai et al. 2007; Voldseth et al. 2007;

Lagrange et al. 2011; Burris and Skagen 2013; Starr

et al. 2016). We approximated relative rates of

sediment accumulation by estimating the amount of

cropland in a 500-m buffer around each wetland and

calculated a sediment functionality metric by sub-

tracting the proportion of cropland in each buffer from

1, thereby effectively assigning high scores to wet-

lands with only little cropland surrounding it. Because

each of our four metrics ranged from 0 to 1, our final

functionality metric for each wetland ranged from 0 to

4. Several aerial photos from the Annual Habitat

Survey did not include some of the playa wetlands

along the edges of the Rainwater Basin region

(N = 106), and were excluded from our analyses.

The final data set used to construct the current

network—or full extent—of the Rainwater Basin

therefore included 1058 playa wetlands.

Calculating network metrics

To assess the relative importance of each individual

playa to maintaining connectivity in the Rainwater

Basin playa network, we calculated the degree and

betweenness centrality weighted by functionality for

each wetland (Rayfield et al. 2011; Albanese and

Haukos 2017). The degree centrality, or degree, is the

total number of direct links that a wetland has with

other wetlands in the network (Barrat et al. 2008; De

Nooy et al. 2011). In our study, a direct link between

two playa wetlands indicates that the distance between

these wetlands is within the maximum dispersal

distance of a species or taxon of interest. Well-

connected wetlands with high degree could potentially

function as hubs in the network and thereby reduce

extinction risk of local populations by allowing flow

from many neighboring wetlands (Urban et al. 2009).

Betweenness centrality measures which fraction of the

total number of shortest, most direct, paths between

any pair of wetlands in the network passes through the

wetland of interest (Barrat et al. 2008; De Nooy et al.

2011). Wetlands with high betweenness scores are

important for flow within a network and could regulate

flow among subnetworks. Betweenness can therefore

be used to assess which wetlands function as ‘‘stepping

stones’’ in the network (Urban et al. 2009). Wetlands

with high degree and high betweenness values could
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therefore be especially important for conservation

(Albanese and Haukos 2017).

To calculate degree and betweenness centrality

values for each playa wetland weighted by the

previously calculated functionality scores for each

wetland, we first imported network data for the full

extent of the Rainwater Basin network by using the

centroid location of each wetland as a node. Because

we wanted to assess the relative importance of

individual wetlands for a range of wildlife species

with varying dispersal capabilities, we constructed a

series of networks by gradually increasing the max-

imum dispersal distance by 500-m intervals until all

wetlands within the network were connected to at least

one other wetland (0.5–12.0 km). Along a continuum

of link lengths, or maximum dispersal distances, there

will be ranges where patterns in connectivity and

structure in the network will remain relatively con-

stant, whereas at other link lengths rapid changes in

the network can be observed (Barrat et al. 2008;

McIntyre and Strauss 2013; Albanese and Haukos

2017). We can therefore explore key similarities and

differences among wildlife and other taxa with

varying dispersal capabilities in response to large-

scale losses of wetlands.

To represent the relative magnitude of potential

dispersal out of each playa wetland, we calculated the

link weights between any two wetlands for each

network with the use of a bivariate kernel distance

decay function. Distance decay functions are com-

monly used to estimate movements of animals when

dispersal data are limited for species of interest,

including many playa wetland-dependent species

(Saura and Pascual-Hortal 2007; Albanese and

Haukos 2017). Kernel density estimators are com-

monly used in ecology and very flexible (Worton

1989; Compton et al. 2007). Resembling a 3-dimen-

sional Gaussian curve (or cone), both the shape and

height of the probability density function of the kernel

density estimator can be modified with the use of

smoothing and scaling factors. Because relative like-

lihoods at specific values of the probability density

function are often very small, multiplying these values

by a scaling factor is often recommended (Calenge

2006). Moreover, scaling factors based on kernel-

specific covariates can be used to weight individual

kernel density estimators.

With the use of the adehabitatHR package in R, we

placed a kernel function at the center of each playa and

set the smoothing parameter so that 95% of the surface

under the kernel probability density function was

included within the maximum dispersal distance of

each network (Calenge 2006; R Core Team 2019). We

then scaled the probability density function of each

kernel density estimator by the functionality metric

(0–4) of each source playa wetlands. We then

calculated the kernel density estimate for the centroid

of each remaining wetland within the network-specific

maximum dispersal distance of each source wetland

and assigned these values to each outgoing link.

Finally, for each 500-m step in maximum dispersal

distance, we used the igraph package in R to calculate

the weighted degree and betweenness centrality of

each wetland (Csardi and Nepusz 2006; R Core Team

2019). We constructed visual depictions of network

metrics with ArcGIS and base functions of R (Esri

2017; R Core Team 2019).

Targeted removal analysis

We assessed effects of future wetland loss on network

structure and connectivity of the Rainwater Basin

network with a targeted removal analysis. A targeted

removal analysis directly compares the response of a

network to targeted damage in the form of specific

losses of nodes or links among nodes to randomly

damaged reference networks (Cohen et al. 2000;

Albanese and Haukos 2017). Here, we used the

combined weighted degree and betweenness centrality

values to rank individual wetlands and in five different

future wetland loss scenarios, we removed the top-

ranked 10, 20, 30, 40, or 50% of wetlands from the

network. Similarly, to test how resilient the network is

to any future losses of wetlands that seemingly play

only minor roles in maintaining network structure and

connectivity, we tested an additional five scenarios by

selectively removing the lowest-ranked 10, 20, 30, 40,

or 50% of wetlands. We then compared each wetland

loss scenario to 1000 simulations of scenarios where

we removed an equal number of randomly selected

wetlands from the network. For each targeted or

random wetland loss scenario, we then constructed a

new network model with similar methods as for the

full extent of the Rainwater Basin network.

Finally, we calculated the maximum cluster size, a

commonly used metric of network connectivity, for

the full extent of the Rainwater Basin network and

each wetland loss scenario (Bunn et al. 2000; Urban
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and Keitt 2001; Urban et al. 2009; Albanese and

Haukos 2017). Maximum cluster size was defined as

the total number of wetlands in the largest connected

subnetwork. Rapid declines in maximum cluster size

indicate values of dispersal distance at which the

network breaks into smaller disconnected subnet-

works and no longer functions as one global network

(Barrat et al. 2008; De Nooy et al. 2011). Individuals

of species with dispersal capabilities that are less than

these breaking points will not be able travel through

the entire Rainwater Basin network. As a result,

populations of these species will be more isolated than

populations of species with greater dispersal capabil-

ities. Last, for each maximum dispersal distance (as a

proxy for wildlife species of differing dispersal traits),

we directly compared maximum cluster size among

networks to determine for which species future loss of

highly-ranked wetlands had the largest effects on

network connectivity and for which species the future

loss of even poorly-ranked wetlands would lead to the

sharpest decrease in network connectivity.

Results

The average inundation probability of playa wetlands

in the Rainwater Basin was 0.429 (median = 0.364,

SD = 0.315, N = 1058). Wetlands with high inunda-

tion probability were largely scattered throughout the

network but seemed most abundant in the south-

central regions of the network (Fig. 2a). Our hydrope-

riod index averaged 0.259 (median = 0.190, SD =

0.243), and wetlands with high hydroperiod values

were found scattered throughout the Rainwater Basin

(Fig. 2b). The average size of wetlands was 11.729 ha

(median = 2.008, SD = 30.267, range

0.030–381.198 ha), which resulted in an average

relative area of 0.031 (median = 0.005, SD = 0.079).

The few larger wetlands did not show any clustering in

the network (Fig. 2c). Our sediment functionality

metric (SFM = 1 - proportion cropland in 500-m

buffer) averaged 0.180 (median = 0.101, SD =

0.221). Wetlands not surrounded by cropland (high

metric values) were mostly found in the south-central

parts of the network, while wetlands with intermediate

values (0.4–0.6) were scattered throughout the rest of

the network (Fig. 2d). After combining our metrics for

inundation probability, hydroperiod, relative size, and

index for sediment accumulation rates, our estimate of

wetland functionality averaged 0.898 (me-

dian = 0.904, SD = 0.456, range 0.0004–2.698). Wet-

lands with high functionality values were scattered

throughout the network but seemed more abundant in

the south-central area of the Rainwater Basin network

(Fig. 2e).

We calculated weighted degree and betweenness

centrality scores and ranked wetlands according to

each metric or a combination of both metrics (Sup-

plemental Table 1). Spatially, wetlands with high

weighted degree centrality occurred mostly in the

eastern parts of the Rainwater Basin network, where

wetland density is greatest (Fig. 2f). Wetlands with

high weighted betweenness centrality were important

in connecting the network from east to west, as well as

connecting the northern and southern portions in the

eastern parts of the Rainwater Basin (Fig. 2g). When

we examined both metrics simultaneously, the spatial

configuration of highly ranked wetlands was less

clustered than when wetland ranking was based on

degree centrality, but more clustered than when

wetland ranking was based on betweenness centrality.

Some wetlands that help connect the Rainwater Basin

network from east to west were still highly ranked, but

most highly ranked wetlands occurred in the eastern

parts of the network (Fig. 2h).

Targeted removal analysis

The removal of top-ranked wetlands had substantial

negative consequences for the connectivity and struc-

ture of the Rainwater Basin network. In the full extent

of the Rainwater Basin network, maximum cluster size

decreased sharply at three different dispersal dis-

tances: at 10, 6, and 2.5 km (Fig. 3). The loss of top-

ranked wetlands led to shifts in the maximum dispersal

distance at which these declines in cluster size

occurred and the magnitude of these shifts depended

on the extent of the loss. Loss of the top 10 or 20% of

wetlands mostly affected species with dispersal capa-

bilities of\ 3.5 km. While the last major drop in

maximum cluster size in the full extent of the network

occurred at 2.5 km, it occurred at 3 km when the top

10% of wetlands were lost, and at 3.5 km when the top

20% of wetlands were lost to the network (Fig. 3).

When the top 30% of wetlands were removed, we

found a decrease in maximum cluster size at 6.5 km

instead of 6 km and overall much smaller maximum

cluster sizes for species with dispersal
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distances\ 5 km (Fig. 3). After the top 40% or 50%

of wetlands were lost from the wetlands, all three

sharp decreases in maximum cluster size occurred at

larger maximum dispersal distances compared to the

full extent of the network (11, 8, and 5 km vs. 10, 6,

and 3 km; Fig. 3). Moreover, when such large

Fig. 2 Inundation probability (a), index of hydroperiod (b),

relative area (c), proportion of non-cropland in a 500-m buffer

(d), overall functionality based on the previous four metrics (e),

ranking based on degree centrality (f), ranking based on

betweenness centrality (g), and overall ranking based on degree

and betweenness centrality combined (h) for each playa wetland

in the Rainwater Basin, south-central Nebraska, USA
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proportions of top-ranked wetlands were lost, the

network was no longer connected from east to west,

even at a maximum dispersal distance of 12 km.

The importance of top-ranked wetlands for network

connectivity, especially at smaller dispersal distances

was further accentuated when comparing the loss of

top-ranked wetlands to proportionate random losses.

Compared to random losses, maximum cluster size

was lower at dispersal distances\ 6 km when the top

10% of wetlands were lost and\ 6.5 km when the top

Fig. 3 Maximum cluster size of the Rainwater Basin, south-

central Nebraska, USA, for maximum dispersal distances of

0–12,000 m compared among the current extent of the

Rainwater Basin network (black line) and scenarios where the

highest ranked (red line), lowest ranked (blue line) or a random

subset (dashed gray line; 95% confidence interval in gray

shading) of 10–50% of playa wetlands has been removed from

the network
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20 or 30% of wetlands were lost. When the top 40 or

50% of wetlands were lost, maximum cluster size was

lower compared to a proportionate random loss for

almost all tested maximum dispersal distances

(40%: B 7.5 km and 8.5–12 km; 50%: B 7.5 km

and 9–12 km; Fig. 3). Furthermore, loss of highly-

ranked wetlands lead to low maximum cluster sizes

(B 20) for species with limited dispersal capabilities,

with the maximum dispersal distance at which largest

cluster size dropped to B 20 wetlands increasing from

1.5 km when 10% of top-ranked wetlands were

removed to 3.5 km when 50% of top-ranked wetlands

were removed (Fig. 3).

When comparing the loss of low-ranked wetlands

to a proportionate random loss, we see that the

connectivity and structure of the Rainwater Basin

network is relatively resilient to limited future wetland

losses. Apart from a drop in maximum cluster size due

to the absolute loss of wetlands, loss of the lowest-

ranked wetlands led to larger maximum cluster sizes

compared to a proportionate random loss for almost all

maximum dispersal distances, especially for lower

values (10%:\ 9.5 km, 20–50%:\ 10 km; Fig. 3).

Furthermore, the maximum dispersal distances at

which sharp declines in largest cluster size occurred

were similar to the full extent of the network.

However, even when the lowest-ranked 50% of

wetlands were lost from the network, dispersal

between the eastern and western parts of the Rainwater

Basin was not possible for species with dispersal

capabilities of B 12 km.

Discussion

With our system-wide analysis of the effects of future

losses of playa wetlands on structural connectivity of

the Rainwater Basin network, we have quantified the

geographical location and relative contribution of

individual playa wetlands in maintaining network

connectivity for a wide range of maximum dispersal

distances. More specifically, we showed that wetlands

with high functionality metrics were relatively scat-

tered throughout the Rainwater Basin network but

were most abundant in the south-central region of the

network. Despite past losses, the current network

remains fully connected for species with dispersal

capabilities[ 10 km, but connectivity decreases sub-

stantially when maximum dispersal distance is

reduced. With the use of a targeted removal analysis,

we showed that even a modest loss of the highest-

ranked 10% of wetlands substantially decreased

connectivity for species with dispersal capabili-

ties\ 5.5 km, while a 40–50% loss reduced connec-

tivity for all tested dispersal distances (0.5–12 km). In

contrast, the loss of low-ranked wetlands had minimal

effects on network connectivity, until at least the

lowest-ranked 50% of playa wetlands were removed.

Our analysis therefore shows that conservation of the

Rainwater Basin playa wetland network as a whole

would be most effective if managers target playa

wetlands that contribute the most to maintaining

connectivity, especially for species with limited

dispersal capabilities (\ 5.5 km).

We measured large variation in the effects of

wetland loss on network connectivity as a result of

how lost wetlands were ranked according to their

degree and betweenness centrality, with the removal

of highly-ranked wetlands having the most severe

effects on network connectivity. For example, the loss

of only 10% of playa wetlands with high degree and

betweenness centrality scores led to substantial decli-

nes in network connectivity of the Rainwater Basin,

whereas effects of a proportionate loss of low-ranked

wetlands on network connectivity were only minor.

The importance of nodes with greater degree or

betweenness centrality in maintaining network con-

nectivity is not unique to the Rainwater Basin and has

been observed in many other ecological networks

(Urban and Keitt 2001; Bodin and Norberg 2007; Ruiz

et al. 2014; Albanese and Haukos 2017; Verheijen

et al. 2018). A direct link between the centrality

metrics of individual wetlands and their importance to

overall network structure and connectivity opens the

door for large variation in the extent of effects on

network connectivity among future wetland loss

scenarios. As a result, how the Rainwater Basin playa

wetland system, and likely many other ecological

networks, will respond to future habitat loss will not

only depend on the extent of future losses or the

functionality of lost wetlands or habitat patches, but

also on the relative contribution of lost habitat to

connectivity of wildlife populations.

How complex ecological networks respond to

potential future habitat loss likely also depends on

how previous losses have already affected the struc-

ture and connectivity of the network. Playa wetland

networks are naturally redundant systems, with many
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alternative fine- and broad-scale dispersal pathways

allowing wildlife to disperse throughout the network

despite an unpredictable and dynamic environment

(Fortuna et al. 2006; Albanese and Haukos 2017;

McIntyre et al. 2018). Moreover, a network with high

redundancy in dispersal pathways might be more

resilient to wetland losses. Previous work on the playa

wetlands in the Southern Great Plains of Texas and

New Mexico, USA, shows that although * 60% of

playa wetlands were lost since European settlement,

the historical redundancy in dispersal pathways lim-

ited the damage to network connectivity for most

wildlife species (Johnson et al. 2012; Albanese and

Haukos 2017; McIntyre et al. 2018). In contrast, the

loss of * 90% of playa wetlands (* 11,000) has

likely already severely reduced the redundancy of

dispersal pathways throughout the Rainwater Basin

network. As a result, maximum cluster size has

declined by 0.883 wetlands per lost wetland when

averaging effects over a range of dispersal distances

similar to this study (Verheijen et al. 2018). Potential

future loss of playa wetlands in the Rainwater Basin

would further reduce the maximum cluster size by

0.916 wetlands per lost wetland if top-ranked wetlands

are lost, 0.715 if a random subset is lost, or 0.450 if

only low-ranked wetlands are lost. A continued

decline in maximum cluster size as a consequence of

future losses indicates a lack of redundancy in the

Rainwater Basin network. Thus, the potential conse-

quences of further wetland loss could be severe,

especially if high-ranked wetlands are among those

lost.

Potential effects of future wetland losses on wildlife

were complex, as effects depended on both maximum

dispersal distance, and on the ranking and percentage

of wetlands that were lost. Large-scale patterns in

connectivity of the current extent of the Rainwater

Basin show that there are four distinct ranges of

maximum dispersal distances for which maximum

cluster size remains roughly the same followed by

sharp declines in maximum cluster size (12.0–10.0,

9.5–6, 5.5–3.0, and 2.0–0 km). Although the number

of sharp declines in maximum cluster size remains

largely the same in future loss scenarios, the maximum

dispersal distances at which these sharp declines

happen are highly variable. In scenarios where highly-

ranked wetlands were removed, the maximum disper-

sal distance at which sharp declines in maximum

cluster size occur increase from 9.5 to[ 12 km for the

first, 5.5 to 7.5 km for the second, and from 2.0 to

5.0 km for the last decline. Contrastingly, in scenarios

where low-ranked wetlands were removed, the max-

imum dispersal distance at which sharp declines occur

remain similar to the current extent, even when 50% of

wetlands were lost. Loss of top-ranked wetlands might

therefore disproportionally affect species with disper-

sal capabilities that fall within these critical ranges

compared to other species, while effects of loss of low-

ranked wetlands are likely more proportionally similar

among species.

Consequences of future wetland losses were great-

est for species with small to intermediate dispersal

capabilities (\ 5.5 km; e.g. invertebrates, amphibians,

turtles, and small mammals such as the northern

grasshopper mouse (Onychomys leucogaster), and the

harvest mouse [Micromys minutus; Smith 2003; Smith

et al. 2012]), especially when highly-ranked wetlands

were lost from the system. As an extreme example, a

loss of the top-ranked 50% of playa wetlands

decreased the maximum cluster size for species with

a maximum dispersal capability of 3 km (e.g. most

invertebrates and amphibians) from 417 to 15 playa

wetlands (3.6% of current network). Large-scale

habitat loss regularly leads to declines in local density

of habitat patches and increases the relative distance

among remaining habitat patches in the network,

which predominantly restricts dispersal movements of

species with limited dispersal capabilities (Ruiz et al.

2014). Indeed, past losses of playa wetlands have

already disproportionally affected species with rela-

tively small dispersal capabilities in both the Southern

Great Plains and Rainwater Basin regions (Ruiz et al.

2014; Uden et al. 2014; Albanese and Haukos 2017;

Verheijen et al. 2018). Further loss of habitat connec-

tivity for these already geographically-restricted

species could increase local extinction rates due to

stochastic effects, as well as restrict the ability of

individuals to disperse in response to changing

environmental conditions due to climate change

(Hanski and Gilpin 1991; Clergeau and Burel 1997;

Opdam and Wascher 2004; Becker et al. 2007; Jetz

et al. 2007; Smith et al. 2012). To best protect these

sensitive species, managers may focus their efforts on

avoiding the future loss of highly-ranked playa

wetlands important for maintaining connectivity in

the Rainwater Basin playa network for species with

dispersal capabilities of\ 5.5 km.
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Currently, 181 of 1058 (17%) playa wetlands

included in our analyses are already receiving some

sort of protection as a state-owned Wetland Manage-

ment Area, federally-owned Waterfowl Protection

Area, U.S. Department of Agriculture Wetland

Reserves Program-enrolled, or by receiving other

forms of protection via non-governmental organiza-

tions or other government agencies within the current

conservation estate of the Rainwater Basin. However,

the decisions about which wetlands were to receive

protection have mainly focused on characteristics of

individual wetlands and local-level landscape features

or opportunistic conversation and may have not been

based on how important wetlands were in maintaining

network connectivity across the Rainwater Basin

playa landscape. When considering all dispersal

distances, only 26% of the top quintile of wetlands

are currently protected. Protection of playa wetlands

important for species with high (* 10 km) or medium

(* 6 km) dispersal capabilities was slightly higher,

with protection of 31 or 28% of the top quintile of

wetlands for those two dispersal distances, respec-

tively. In contrast, a relatively high proportion of

protected wetlands (37%) are not important in main-

taining connectivity for species with limited dispersal

capabilities (* 2 km; Fig. 4). Therefore, the majority

of wetlands important for maintaining network con-

nectivity are currently not protected, especially

wetlands important for species with low dispersal

capabilities.

Most of the currently protected wetlands are public

lands, with playa wetlands on private lands typically

afforded little regulatory protection (Haukos and

Smith 2003; Dahl 2011). Long-term persistence of

playas on private lands could therefore be threatened

by future land-use change. Moreover, playa wetlands

not directly altered by human activity are facing

increasing rates of sediment accumulation, exacer-

bated by regionally predicted climate change (Luo

et al. 1997; Burris and Skagen 2013; Uden et al. 2015).

Rates of sediment accumulation are substantially

greater when playa wetlands are directly surrounded

by cropland instead of grassland (Luo et al. 1997;

Burris and Skagen 2013). Within the Rainwater Basin,

we found that many playa wetlands are surrounded by

high proportions of cropland (89% by[ 60% crop-

land and 76% by[ 80% cropland; Fig. 5). Although a

smaller proportion of playa wetlands in the highest

quintile is surrounded by large amounts of cropland

compared to other wetlands, we still found that[ 50%

of highly-ranked wetlands are surrounded by

80–100% cropland in a 500-m buffer (Fig. 5). Because

sediment accumulation diminishes the ecological

functionality of wetlands, persistence of many playa

wetlands might therefore be in direct peril due to high

amounts of surrounding cropland. Converting crop-

land buffers to grassland, especially for highly-ranked

wetlands, might therefore be necessary to protect the

Fig. 4 Proportion of protected playa wetlands in the Rainwater

Basin, south-central Nebraska, USA, shown separately for playa

wetlands ranked by their importance for species with a

maximum dispersal distance of 2, 4, 6, or 10 km, or averaged

over all maximum dispersal distances. Playa wetlands have been

separated in quintiles based on a combination of weighted

degree and betweenness centrality

Fig. 5 Proportion of cropland in a 500-m buffer surrounding

each playa wetland in the Rainwater Basin, south-central

Nebraska, USA. Playa wetlands have been separated in quintiles

based on a combination of degree and betweenness centrality

123

464 Landscape Ecol (2020) 35:453–467



connectivity in the Rainwater Basin wetland system

(Smith et al. 2011). Unfortunately, efforts to convert

cropland surrounding wetlands to grassland are often

limited by the willingness of private landowners to do

so. Greater incentives for landowners or better com-

munication and education to increase awareness about

the availability of incentive programs and benefits of

implementing grassland buffers might therefore be

needed.

Playa wetland systems, like the Rainwater Basin,

likely function as a cohesive unit instead of a loose

collection of playa wetlands, and the metapopulation

structure of many wildlife species directly depends on

the ability of individuals to disperse throughout the

network (Naugle et al. 1999; Johnson et al. 2010;

Smith et al. 2012). Previous literature has therefore

suggested to not only focus conservation efforts on

maximizing the functionality and total area of habitat,

but also to prioritize maintaining high densities and

connectivity of playa wetlands and related wetlands

systems (Johnson et al. 2010; McIntyre and Strauss

2013; Ruiz et al. 2014; Albanese and Haukos 2017;

Verheijen et al. 2018). Within the Rainwater Basin

network, we found large variation in effects of wetland

loss on network connectivity, which further highlights

the importance of physical locations of wetlands

relative to others in the system when assessing the

value of individual wetlands. When assessing effects

of future wetlands losses on wildlife with limited

dispersal capabilities, conclusions based on the func-

tionality of individual wetlands alone are therefore

likely incomplete. Our use of network models and

targeted removal analyses allows managers to assess

minimum, mean, and maximum effects of future

losses of playa wetlands on structural connectivity of

an entire wetland system for a wide range of plant and

wildlife populations. Furthermore, our analysis estab-

lishes the geographical location of high-quality wet-

lands and quantifies the relative contribution of each

playa wetland in maintaining structural connectivity

of the Rainwater Basin network to help prioritize

individual playa wetlands for conservation. Combin-

ing information on how individual wetlands contribute

to maintaining network structure with wetland func-

tionality or species-specific demographic data could

aid researchers and conservationists in properly

assessing the full effects of future wetland losses on

wildlife in connected meta-population systems like the

Rainwater Basin and will help prioritize wetlands for

conservation.
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